INTRODUCTION
As illustrated by the variety of papers in this special issue, urbanization is one of the most important threats to biodiversity worldwide. Urban areas may threaten ecosystems through direct habitat conversion (e.g., Clergeau et al. 1998 , Blair 1999 , McKinney 2002 and through various indirect effects of dense human population such as resource use, habitat fragmentation, waste generation, and freshwater cooption (e.g., Mikusinski and Angelstam 1998) . Agriculture is another, perhaps even greater, global threat to biodiversity. Similarly to urbanization, agriculture presents both direct problems of habitat conversion and indirect effects of chemical pollution and disturbance of water and nutrient cycles (Pimentel et al. 1992 , Vitousek et al. 1997 .
Although urbanization and agriculture certainly are global phenomena, their magnitudes differ widely among regions, nor is biodiversity distributed evenly across continents or the globe; hotspots of high species richness and endemism occur, where ecosystem disruption would be especially threatening to global biodiversity (Reid 1998) . Therefore, as human population and consumption levels continue to increase, there is a need to develop a quick but rigorous method of identifying where high levels of human threats and biodiversity coincide. These areas are clear priorities for biodiversity conservation, where conservation efforts are most urgent or will do the most good (Ricketts et al. 1999b) .
Recently, there have been several efforts to assess geographic priorities for conservation at broad scales. At the global scale, Myers et al. (2000) identified 25 "hotspots," biogeographic regions where high levels of plant diversity and human threats coincide. Sisk et al. (1994) combined data on mammal and butterfly distributions with information on human demographics and deforestation to identify 18 priority countries worldwide. At a continental scale, Ricketts et al. (1999b) combined quantitative (i.e., species distributions) and qualitative (i.e., expert assessment) data on both biodiversity value and human threats to assess priorities among North American terrestrial ecoregions. Additionally, the U.S. Gap Analysis Program (Scott et al. 1993 ) has combined species distributions and land management designations to identify underrepresented vegetation types in U.S. protected areas.
These and similar efforts are certainly useful (in fact, several conservation organizations have used their results to prioritize conservation activities), but many have suffered from three key limitations. First, several studies base their analyses on political units (e.g., countries, provinces, counties), because human demographic and species occurrence data are often reported for these boundaries, and because most legal and regulatory systems are based on political units (Sisk et al. 1994 , Dobson et al. 1997 . However, ecological processes, species ranges, and even anthropogenic threats (e.g., type of agriculture or grazing regimes) typically follow biogeographic rather than political boundaries. Analyses based on political units therefore risk both overlooking important ecosystems within a state or county and hampering assessment of ecosystems that span political borders (Hanks 2000) .
Second, these studies often base their analyses on only one or a few groups of species (e.g., Scott et al. 1993 , Sisk et al. 1994 . This is because consistent distribution data are typically available for only a small number of taxa (e.g., birds, mammals). Authors are thus forced to assume that these taxa serve as informative indicators of overall biodiversity, an assumption that been increasingly challenged (Weaver 1995 , Flather et al. 1997 , Ricketts et al. 1999a , 2002 .
Third, many assessments depend on subjective information, typically in the form of expert opinion, to measure threats to biodiversity (Olson and Dinerstein 1998 , Ricketts et al. 1999b , Myers et al. 2000 . Quantitative data on human threats have proven difficult to compile over broad scales, especially for nonpolitical geographic units. Faced with these data limitations, relying on expert opinion is a logical choice, but it inevitably results in somewhat subjective and nonrepeatable analyses.
In this study, we combine several recent data sets that relieve some of these limitations and allow us to quantitatively assess conservation priorities among ecological units in North America. We base our analyses on the terrestrial ecoregions of the United States and Canada (Ricketts et al. 1999b) . We compare biodiversity among these ecoregions using species distribution data compiled for > 20,000 species in eight taxa, and we measure impacts of urbanization and agriculture using maps derived from remotesensing imagery. These data sets allow us to analyze patterns of biodiversity, urbanization, and agriculture in a consistent manner across the continent.
We query the combined database to address two main questions. First, where do areas of high biodiversity coincide with areas of intense human land use? These areas are clearly priorities for conservation. Second, how do these priorities differ under different measures of biodiversity (i.e., richness, endemism) and land use (i.e., urban cover, agriculture)? Identifying geographic priorities for conservation in a quantitative manner, and understanding how these priorities depend on the factors considered will help conservationists to allocate resources most efficiently in conserving biodiversity.
METHODS

Ecoregions and species data
The geographic units that we use for these analyses are the 110 ecoregions of the continental United States and Canada (Fig. 1) . These ecoregions were first developed by Ricketts et al. (1999b) , and are based largely on three established ecoregion mapping projects (ESWG 1995 , Gallant et al. 1995 , Omernik 1995 . Ecoregions are defined as relatively coarse biogeographic divisions of a landscape that delineate areas with broadly similar environmental conditions and natural communities. Because of the complexity with which environmental and ecological factors vary across a landscape, ecoregion boundaries are necessarily approximate and represent areas of transition rather than sharp divisions.
For these ecoregions, Ricketts et al. (1999b) compiled published and unpublished data on the distributions of > 20,000 species in eight taxa: birds, mammals, butterflies, amphibians, reptiles, land snails, tiger beetles, and vascular plants. For six taxa, published range maps were compared to the ecoregion map and each species was recorded as present, endemic, or absent in every ecoregion. A species was counted as endemic if it either (1) was found in no other ecoregion, including Mexico and other continents or (2) occupied a range totaling <50,000 km 2 (following Birdlife International's threshold for range-restricted Conservation Ecology 8(2): 1. http://www.consecol.org/vol8/iss2/art1 species; Bibby 1992). Thus, a species with an exceptionally small range that crossed an ecoregion boundary was recorded as endemic in both ecoregions. For two taxa (vascular plants and land snails), scientists with unpublished databases were consulted to provide richness and endemism estimates for each ecoregion. For all taxa, only native species were included. Fig. 1 . Map of the terrestrial ecoregions of the United States and Canada. Numbers on the map correspond to those in Table 1 .
Land use data
We used two remotely sensed data sets to measure urban and agricultural land use. For urban cover, we used a map of city lights for North America developed by Imhoff et al. (1997b) . This data set is based on nighttime satellite imagery originally designed to map moonlit cloud cover, and it has a spatial resolution of 2.7 km. Imhoff et al. (1997b) use these data to map urbanized areas on the earth's surface, based on the stability of pixel illumination through time. They recognize three classes of urban cover, calibrated with census data to index human population density: "urban," with an average of 1064 persons/km 2 ; "periurban," with an average of 100 persons/km 2 ; and "nonurban," with an average of 14 persons/km 2 . These data Conservation Ecology 8(2): 1. http://www.consecol.org/vol8/iss2/art1 thus indicate not only the amount of land directly transformed by urbanization, but also the local human population density and hence the various indirect impacts of human activity on ecosystems (e.g., pollution, other "dark" forms of land use change). For these analyses, we lumped the "urban" and "periurban" areas together to create one measure of urbanized land (Fig. 2a) .
Fig. 2.
Overlay maps of terrestrial ecoregions with (a) urban areas (in red) and (b) agricultural land use (in orange). In both panels, northern hatched areas were excluded from analyses (see Methods).
For agriculture, we used the U.S. Geological Survey's (USGS) North America Seasonal Land Cover map (Loveland et al. 2000) . This map is derived from a time series of satellite images (AVHRR) taken from April 1992 to March 1993 at 1-km resolution. We used the USGS Land Use Land Cover classification of the data (Anderson et al. 1976) , which recognizes 24 land classes, five of which are agricultural: "Dryland cropland and pasture," "Irrigated cropland and pasture," "Mixed Dryland/Irrigated Cropland and Pasture," "Cropland/Grassland Mosaic," and "Cropland/Woodland mosaic." For these analyses, we lumped these five categories to create one measure of agricultural land cover (Fig. 2b) .
It is important to emphasize that these two remotely sensed data sets are independent of political (or any other) geographic units and thus are easily applied to ecoregions or other biologically meaningful geographic units (Imhoff et al. 1997a ). In addition, the data are of relatively constant quality across broad regions, instead of relying on county or state records of uneven quality. Because our data for urban cover are less reliable and uncalibrated in higher latitudes due to aurora interference, here we exclude northern areas (corresponding to taiga and tundra biomes) and limit our analyses to the 76 remaining ecoregions (Fig. 2) .
Analyses
From the ecoregion database of species presence/absence, we calculated the number of species and the number of endemic species of each taxon in every ecoregion. We then developed indices that integrate data from all eight taxa into overall measures of species richness and endemism. These indices, which combine data from such varied taxa, are likely to be more informative indicators of overall biodiversity than any one taxon alone (Ricketts et al. 1999a ).
We defined the richness index as
where R i is the richness of taxon i in the ecoregion, and T i is the total number of species of taxon i in the database. This index (modified from Sisk (1994) and used by Ricketts et al. (1999a) ) normalizes the richness of each taxon by the number of North American species in that taxon and then averages those fractions across all eight taxa. It therefore weights taxa evenly, preventing speciose taxa (e.g., vascular plants) from dominating measures of overall richness. This index was normally distributed (Shapiro-Wilk test, W = 0.961, P > 0.05, n = 76), but increased significantly with ecoregion area (Fig. 3a) . We controlled for this common effect of area (Rosenzweig 1995) by using the residuals of this regression (Fig. 3a) in all analyses (Sokal and Rohlf 1995) . Conservation Ecology 8(2): 1. http://www.consecol.org/vol8/iss2/art1
We defined the endemism index as [2] where E i is the number of endemic species of taxon i in the ecoregion, and R i is as previously defined. This index computes, for each taxon, the fraction of species in an ecoregion that is endemic there, and then averages these fractions across all eight taxa. This proportional measure of endemism is more meaningful in this context than a simple count of endemic species or other popular measures (e.g., Kershaw et al. 1995) , because the latter two are expected to increase with increasing species richness, whereas our index is independent of richness. Endemism was not significantly related to ecoregion area (Fig. 3b) . To improve normality, we arcsine-transformed and then log-transformed the endemism index before analysis.
We measured threats as the areal fraction of each ecoregion converted to either urbanized land or agriculture. Both of these measures were arcsinetransformed and then log-transformed to improve normality for analysis.
To identify ecoregions of concern, we plotted the richness and endemism indices against the measures of urbanization and agriculture and identified, for each of the four plots, the ecoregions that fell above the 66th quantile (i.e., in the upper third) on both axes (see Fig.  4c for illustration). Finally, we used the Jaccard index (Jongman et al. 1995) to quantify overlap among these four sets of priority ecoregions.
RESULTS
Ecoregions vary widely in their levels of both biodiversity and human threats (Table 1) . Upon plotting the two diversity indices against the two measures of threat, we find that the richness index is positively related to both urbanization and, to a lesser degree, agriculture (Fig. 4a, b ). No such relationship exists between the endemism index and either threat measure (Fig. 4c, d ).
Comparing richness and urbanization yields 16 ecoregions that fall above the 66th quantile on both axes (Figs. 4 and 5, Table 1 ). The ecoregions in this "priority set" contain both extraordinary species richness and high levels of urbanization. For richness and agriculture, 11 priority ecoregions are similarly identified. Comparing endemism and urbanization yields a priority set of 12 ecoregions. Finally, using endemism and agriculture, six priority ecoregions are identified.
A key issue is the degree to which these four priority sets overlap. Jaccard indices indicate the highest overlap between the richness/urbanization and endemism/ urbanization sets (Table 2) . Indeed, these two sets share nine ecoregions out of 16 and 12, respectively. Overlap is also high between the richness/urbanization and richness/agriculture sets (Table 2 ); these two sets share eight ecoregions out of 16 and 11, respectively.
DISCUSSION
We found that the distribution of both biodiversity and human threats is extremely heterogeneous in the United States and Canada. For example, some ecoregions contain > 25% of North American species (averaging over the eight taxa considered), whereas other ecoregions contain < 6% (Table 1) . Similarly, urbanization varied from < 0.5% to > 60%. This heterogeneity affirms the importance of establishing clear conservation priorities, because some areas are much more threatened or diverse than others.
Of the 76 ecoregions considered, our analyses identified four "priority sets" of 6-16 ecoregions (8-21% of total number) where high levels of biodiversity and human land use coincide (Fig. 5) . These ecoregions tend to be concentrated in the southeastern United States, California, and, to a lesser extent, the Atlantic coast, southern Texas, and the U.S. Midwest. Several ecoregions are members of more than one priority set (e.g., the green ecoregions in Fig. 5 ), and two ecoregions (Southeastern Conifer Forests and Florida Sand Pine Scrub, numbers 51 and 52) are members of all four sets. These ecoregions may be considered of additional concern, as they face multiple sources of habitat destruction and contain both high richness and high endemism.
We were interested to find that species richness was positively correlated with both urbanization and agricultural conversion. It thus appears that humans tend to settle and prosper in the most species-rich areas of the continent. Similar relationships have been reported in Africa (Balmford et al. 2001 ) and worldwide (Cincotta et al. 2000) , suggesting that this 1993) . There are at least two intuitive and interrelated reasons for this result. First, humans tend to prefer climates that also support high species richness. For example, both urbanization and species richness increase significantly toward lower latitudes (data not shown), even with the northernmost ecoregions excluded (see Methods). Second, humans tend to settle in, farm, and build urban centers in highly productive ecosystems (e.g., moist forests, moist grasslands) that also support high levels of biodiversity (Huston 1993 , Imhoff 2000 , Balmford et al. 2001 . Whatever the cause(s), the correlation between species richness and urbanization emphasizes the fact that human activities and biodiversity may be on a collision course. Preserving remote parks in sparsely inhabited regions thus will conserve perhaps only a fraction of the world's species; we must manage ecosystems simultaneously for both human productivity and biodiversity (Pimentel et al. 1992 , Daily et al. 2001 . Fig. 4 . Levels of richness and endemism vs. human land use: (a) richness vs. urbanization, (b) richness vs. agriculture, (c) endemism vs. urbanization, and (d) endemism vs. agriculture. To illustrate our analytical approach, 66th quantile lines for identifying priorities are shown in panel (c), and ecoregions above both quantiles are represented by filled circles in all panels. Note the positive relationships between richness and urbanization (r 2 = 0.31, P < 0.0001) and between richness and agriculture (r 2 = 0.12, P < 0.005), but the lack of such relationships with endemism (both nonsignificant).
Fig. 5. Maps of priority sets (i.e., ecoregions in the top 66th quantile of biodiversity and land use indices). (a) Richness index vs. urbanization (blue), agriculture (yellow), or both (blue and yellow stripes). (b) Endemism index vs. urbanization (blue)
, agriculture (yellow), or both (blue and yellow stripes). In both panels, northern hatched areas were excluded from analyses (see Methods). b Ecoregions that rank in the top third for both richness index and for measures of urbanization, agriculture, or both. c Ecoregions that rank in the top third for both endemism index and for measures of urbanization, agriculture, or both. d A simple arithmetic mean, not weighted by ecoregion area.
As in any analysis of conservation priorities, our results depend on the conservation objective. Here, we target areas with extraordinary levels of both biodiversity and human land use, but several other objectives, with equal justification, exist. For example, the goal for some conservation biologists is to conserve the species assemblage of every ecoregion, regardless of its relative richness or endemism. In this case, priorities would be based mostly on the relative degrees of threat (i.e., land-use intensity) among ecoregions. Our results can support this objective as well, by focusing on the land-use data alone to compare ecoregions (Table 1 ).
In addition, one could ask whether the ecoregions identified here are necessarily the most valuable investments for conservation. Because of high demand for land use, habitat preservation or restoration is likely to be costly and politically difficult in these ecoregions (Ando et al. 1998) . At least for species richness, more cost-effective conservation opportunities may lie in neighboring ecoregions with similar habitat types and communities, but with lower land prices and demand. A similar approach may be to target the positive outliers of the relationship in, for example, Fig. 4a ; these points represent ecoregions containing significantly higher species richness than expected, given their level of urbanization. They may therefore represent the most "bang for the buck" in terms of land prices and feasibility of land preservation.
Because opinions differ on approaches and objectives, prioritization exercises should maintain sufficient transparency to allow alternative interpretations and support various conservation goals. Nevertheless, it is important to note that endemic species, by definition, can be conserved only in their ecoregion of occurrence; local extirpation of a narrowly endemic species may result in global extinction. Therefore, ecoregions containing both high endemism and high human threats are among the clearest conservation priorities (Fig. 5b) .
Spatial scale is another attribute that affects both the results and utility of any priority analysis. Our analysis is based on relatively large ecoregions and is therefore necessarily coarse. Clearly, species and ecosystems are most directly protected through activities at finer scales, such as habitat and landscape conservation plans, reserve design and establishment, and improved land management. International and regional NGO's have increasingly developed approaches for coordinating these and other activities to maximize the overall benefit to local populations and communities (Groves et al. 2002 , Sanderson et al. 2002 , KambemToham et al. 2003 . However, these efforts often require large investments of time and resources; they simply cannot be carried out everywhere at once. Simple, coarse-scale analyses such as this one can help to quickly focus these efforts where they have the potential to deliver the most benefit (Noss 1990, Olson and Dinerstein 1998) .
At the same time, finer scale analyses and efforts can inform and refine broader priority schemes. For example, although our analyses identify ecoregions in which human land use and endemic species overlap, finer analyses within the ecoregion may reveal that the ranges of those species are, in fact, well protected, with urban and agricultural lands occurring elsewhere in the ecoregion. Ideally, conservation analyses, efforts, and decisions would be made at a range of scales, with insights and results from each informing and strengthening the others (Noss 1990) .
One reviewer offered an alternative interpretation of our results: that our priority sets did not represent areas Conservation Ecology 8(2): 1. http://www.consecol.org/vol8/iss2/art1 where conflicts can be expected, but rather indicated areas where species are more able to coexist with human activities and land use. Our species data, however, are based on compilations of occurrence records and therefore represent the expected species pool for each ecoregion. Because the data do not reflect recent extirpations or range reductions, regions with high richness should not be interpreted as those that have retained those species despite human activities. Perhaps a more direct method of evaluating the impacts of human activities is to relate human land use to levels of species endangerment among ecoregions (e.g., Dobson et al. 1997) . We have begun compiling these data for North America. In the meantime, given the numerous studies showing the negative effects of human land use on biodiversity (e.g., Clergeau et al. 1998 , Wilcove et al. 1998 , Blair 1999 , McKinney 2002 , it is reasonable to expect that ecoregions with most intense land use will also experience these effects most intensely. Ricketts et al. (1999b) were able to identify 13 additional priority ecoregions, based on other aspects of biological importance (e.g., globally important migrations) and threat (e.g., grazing) that are difficult to measure in a quantitative, consistent manner across the continent. For example, the Chihuahuan desert (#81) scored the highest in our richness index, but was not included in a priority set because the most important human impact on this ecoregion is grazing (Ricketts et al. 1999b) . Similarly, ecoregions in the Pacific Northwest of the United States are left out of priority sets because they are primarily threatened by logging (Ricketts et al. 1999b ), which we were not able to measure. These ecoregions serve to illustrate the sensitivity of these analyses to the input data used, and the potential limitations of strictly quantitative approaches.
Comparing our results to those of three similar studies reveals broad agreement on the regions of highest conservation concern, despite differences in approaches and analytical units. First, Stein et al. (2000) found that species richness in the United States is highest in the southwest and southeast regions, a pattern similar to what we report here. Overall richness maps in Stein et al. (2000) appear to emphasize the southwest more than do our results in Fig. 5 ; this difference is probably because Stein et al. (2000) based their analyses on states, which are larger in the west. In addition, we use an index of richness that weights taxa equally, preventing vascular plants (which are richest in southwestern states) from dominating the measure (see Methods). Second, Noss and Peters (1995) evaluated levels of threat to U.S. ecosystems. In their "Overall Threat Index," states of "extreme risk" overlap closely with the ecoregions indicated here as members of priority sets. Third, Ricketts et al. (1999b) , assessed conservation priorities among these same ecoregions, relying heavily on expert opinion. Of the 23 ecoregions identified here as priorities (Table 1 , Fig. 5 ), 18 (78%) were also placed in the two highest priority classes by Ricketts et al. (1999b) .
This study has focused on local impacts of urbanization and agriculture, but it is clear that human activities affect ecosystems in neighboring and even distant ecoregions. For example, New York City consumes resources from farms, cattle ranches, and forests throughout North America and, indeed, the world (Chichilnisky and Heal 1998). Considering the impacts of the city's urban area and population only within its ecoregion is clearly an oversimplification, and it remains a significant challenge to relate centers of human population to their spatially explicit "ecological footprints" (Wackernagel and Yount 1998) . Nevertheless, perhaps the majority of impacts from urbanization and agriculture are felt by local ecosystems. It therefore will continue to be informative and valuable to compare patterns of biodiversity and anthropogenic threats in order to identify broad-scale priorities for conservation.
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